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ABSTRACT: Several estuaries along the Pacific Ocean coast of North America were identified recently as
having elevated 4-nonylphenol (4-NP) in sediments and biota, raising concerns about reproductive
impacts for wildlife given 4-NP’s established estrogenic activity as an endocrine-disrupting compound.
Here we characterize 4-NP mediated induction and recovery of estrogen-sensitive gene transcripts in the
arrow goby (Clevelandia ios), an intertidal fish abundant in estuarine mud flats on the west coast of North
America. Male gobies were exposed to waterborne 4-NP at 10 lg/L or 100 lg/L for 20 days followed by a
20 day depuration period. Additional males were treated with 17b-estradiol (E2; 50 ng/L). 4-NP at 100 lg/
L elevated hepatic mRNAs encoding vitellogenins A (vtgA) and C (vtgC) and choriogenin L (chgL) within
72 h, and choriogenin H minor (chgHm) within 12 days. Hepatic mRNAs encoding estrogen receptor
alpha (esr1) were also elevated after 12 days of 4-NP exposure, but returned to pre-exposure levels at
20 days even under continuing 4-NP treatment. 4-NP did not alter mRNA levels of estrogen receptor gam-
ma (esr2a) in the liver, or of esr1, esr2a, and cytochrome P450 aromatase B (cyp19a1b) in the brain. The
temporal pattern of initial induction for hepatic vtgA, vtgC, and chgL transcripts by 4-NP mirrored the pat-
tern by E2, while chgHm and esr1 mRNA induction by 4-NP lagged 2–11 days behind the responses of
these transcripts to E2. These findings establish 4-NP concentration- and time-dependent induction pat-
terns of choriogenin and vitellogenin transcription following exposure to environmentally relevant 4-NP
concentrations, while concurrently demonstrating tissue-specific induction patterns for esr1 by estrogen-
ic compounds. VC 2016 Wiley Periodicals, Inc. Environ Toxicol 32: 1513–1529, 2017.
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1. INTRODUCTION

Biologically relevant end points including molecular, cellu-

lar, and physiological responses are commonly used to iden-

tify habitats where wildlife may be experiencing the toxic

effects of chemical pollution. In order to be useful for envi-

ronmental monitoring, however, such biological end points

or “biomarkers” must be quantitatively measurable, predict-

able, and reproducible across a variety of chemical exposure

conditions, and be indicative of changes in exposure over

time (Hutchinson et al., 2006; Lam, 2009). There is evidence

that biomarkers at lower levels of biological organization

such as molecular or cellular responses generally recover

more quickly after the cessation of chemical exposure than

do population- or community-level indicators and therefore

enable better early detection of changes in environmental
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stressors (Stegeman et al., 2012; Wu et al., 2005). For that

reason, molecular responses such as changes in patterns of

gene expression have been suggested to be particularly

effective biomarkers (Flouriot et al., 1996). However, in

order to use gene expression patterns as reliable biological

indicators for environmental monitoring, it is necessary to

understand not only the timing of initial and maximal induc-

tion of gene expression responses caused by exposure to

chemical contaminants, but also the temporal scale of bio-

marker recovery after cessation of chemical exposure (Wu

et al., 2005).

Relatively few studies have examined the induction and

recovery dynamics of biomarker responses in nonmodel taxa

even though knowledge of those dynamics is crucial for

effective biomarker use for monitoring habitats where varia-

tion in contaminant input can be pulsatile. Estuary ecosys-

tems, for instance, can receive intermittent inputs of

synthetic and naturally occurring chemicals from residential,

industrial, and agricultural activities on land in accordance

with periodic rainfall events (e.g., Kennish, 1997; DeLor-

enzo, 2015). Chemical contamination of estuaries has been

documented in most coastal areas of the world (Islam and

Tanaka, 2004; Weis, 2014), and while sewage waste remains

the most common source of coastal marine pollution, con-

taminants rountinely identified within coastal and estuarine

habitats include fertilizers, pesticides, agrochemicals, heavy

metals, polyaromatic hydrocarbons (PAHs), and persistent

organic pollutants (POPs) such as polychlorinated biphenols

(PCBs), polybrominated diphenyl ethers (PBDEs) and

dichlorodiphenyltrichloroethane (DDT) (Islam and Tanaka,

2004; Sun et al., 2012). Depending on the physical structure

and properties of the chemical, such contaminants may be

found in a dissolved phase within the water column or may

become concentrated in sediments, and in many cases the

chemicals accumulate within the tissues of estuarine organ-

isms (McCain et al., 1988; Weis, 2014).

Many of the chemical contaminants that have been docu-

mented in estuaries exhibit endocrine-active properties and

are classified as endocrine-disrupting chemicals (EDCs) giv-

en their potential to interfere with endogenous hormone sig-

naling pathways (Tyler et al., 1998; Oberd€orster and Cheek,

2001; Porte et al., 2006; Vandenberg et al., 2012). Such

interference can occur when chemical pollutants interact

directly with hormone receptors either as agonists that mimic

hormone ligand activation or as antagonists that block

endogenous hormone binding, or by disrupting pathways

underlying the synthesis, secretion, transport, metabolism, or

excretion of hormones (Crisp et al., 1998; Khetan, 2014).

Endocrine signaling pathways regulate physiological homeo-

stasis, growth, reproductive function, and behavior, and there

is extensive evidence linking exposure to EDCs to a range of

developmental, metabolic, reproductive, and behavioral

impacts in marine organisms (Matthiessen, 2003; Porte

et al., 2006; Vandenberg et al., 2012; Weis, 2014).

The alkylphenol 4-nonylphenol (4-NP), for instance, is a

well-established endocrine-disrupting chemicals (EDC) that

has recently been detected at elevated concentrations in

coastal estuaries along the Pacific Ocean coastline of Califor-

nia, USA (Diehl et al., 2012; Maruya et al., 2015). Marine

invertebrates including mussels (Mytilus californianus), oys-

ters (Crassostrea gigas), and ghost shrimp (Neotrypaea cali-
forniensis)—as well as demersal fishes including arrow

gobies (Clevelandia ios) and staghorn sculpins (Leptocottus
armatus)—from several of California’s estuaries exhibited

some of the highest tissue burdens of 4-NP documented

worldwide (Diehl et al., 2012). Maruya and coworkers

(2015) likewise detected 4-NP in the range of 300–700 ng/g

wet mass in Mytilus mussels and from 700 to 900 ng/g dry

mass in sediments from several coastal habitats in California.

Although the sources of this coastal 4-NP pollution are not

known, Diehl and coworkers (2012) found high 4-NP con-

centrations in sludge from septic systems in a nearby coastal

community, as well as in river water (1.0 6 0.3 lg L21;

mean 6 1SE) and sediment (1.0 6 0.3 mg kg21 dry weight;

mean 6 1SE) located 100 m downstream of a wastewater

treatment facility near Morro Bay, California, USA. Those

data suggest that effluent from local treatment facilities or

septic tank discharge may be a source of 4-NP for coastal

marine habitats. A separate analysis of geographic variation

in 4-NP tissue burdens in mussels in California revealed that

contamination was highest in locations that receive storm

water discharge (Dodder et al., 2014). Additionally, 4-NP

has been detected in application water and runoff from agri-

cultural fields in California irrigated with reclaimed waste-

water (Xu et al., 2009). Farming land use may therefore also

contribute to 4-NP contamination in California’s coastal

waters and estuaries.

Estuaries are vital ecosystems that serve as nursery habi-

tat or breeding grounds to many commercially important

species (Kennish, 2002). The presence of 4-NP contamina-

tion in estuaries and nearby coastal areas is therefore of high

concern given evidence for 4-NP’s estrogenic activity and

acute toxicity (Soto et al., 1991; White et al., 1994; Servos,

1999; Cravedi and Zalko, 2005). 4-NP has been shown to

bind nuclear estrogen receptors (ERs) (White et al., 1994;

Routledge and Sumpter, 1996; Tabira et al., 1999; Laws

et al., 2000; Preuss et al., 2006), although the affinity of 4-

NP for nuclear ERa (esr1) is orders of magnitude less than

the affinity of 17b-estradiol (E2), the principle estrogen in

blood circulation in most fishes (Kwack et al., 2002;

Bonefeld-Jorgensen et al., 2007). 4-NP has also been demon-

strated to trigger nongenomic estrogenic effects via its bind-

ing to membrane ERs (mERs) (Loomis and Thomas, 2000;

Thomas and Dong, 2006; Kochukov et al., 2009). Previous

studies show that 4-NP sequesters in the liver, brain, gills,

gonads, and tissues of fish (Ahel et al., 1994; Lewis and

Lech, 1996; Coldham et al., 1998) and can cause negative

consequences for reproduction and development (Colborn

et al., 1993; Jobling et al., 1996; Christiansen et al., 1998;
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Tabata et al., 2001; Chandrasekar et al., 2011). Male fish

exposed to 4-NP, for instance, have been found to exhibit a

suite of defects including altered testicular structure,

decreased sperm counts, intersex gonads, disrupted repro-

ductive cycles, liver damage, and reduced growth (e.g.,

Christiansen et al., 1998; Servos, 1999; Tanaka and Grizzle,

2002; Kaptaner and €Unal, 2011; El-Sayed Ali et al., 2014;

Traversi et al., 2014). And, even though 4-NP is approxi-

mately 1500 times less potent than E2 (Butwell et al., 2002),

exposure to 4-NP either at concentrations in the range found

commonly in sewage effluents or for only a brief duration of

exposure is capable of activating intracellular ERs and

inducing the expression of estrogen-regulated genes in juve-

nile and male fish (e.g., Soto et al., 1991; White et al., 1994;

Arukwe et al., 2001, 2002; Ackermann et al., 2002; Geno-

vese et al., 2011; Brander et al., 2012).

The aim of this study was to characterize the time course

of induction and recovery of gene transcriptional responses

to 4-NP exposure in the liver and brain of the arrow goby (C.
ios). The arrow goby is a small teleost fish that is a common

benthic inhabitant of Pacific coast bays and estuaries in North

America from British Columbia, Canada to Baja, Mexico

(Eschmeyer et al., 1983). Arrow gobies occupy intertidal

mud flat habitats and forage over the benthos during high

tide. At low tide, these fish take refuge in the burrows of

mud-dwelling invertebrates such as the ghost shrimp N. cali-
forniensis, mud shrimp Upogebia pugettensis, and innkeeper

worm Urechis caupo (Hoffman, 1981). The arrow goby is

thus regularly in physical contact with estuarine sediments

rich in organic material where 4-NP can accumulate and per-

sist for decades (Garrison and Hill, 1972; Blackburn and

Waldock, 1995; Ying et al., 2002; Lavado et al., 2009;

Sharma et al., 2009). Arrow gobies collected from Morro

Bay, California, by Diehl and coworkers (2012) were found

to have high 4-NP tissue concentrations (mean: 237 ng g21

wet mass) above those of the surrounding sediment in this

estuary (mean: 53 ng g21 dry mass). However, it is still

unclear whether arrow gobies in these habitats are experienc-

ing the detrimental physiological or fitness consequences

under conditions of such NP pollution, and it is critical to

understand how potential gene transcript biomarkers change

temporally under 4-NP exposure to apply these biomarkers

in environmental monitoring efforts using this species.

Here, we exposed male arrow gobies in the laboratory to

dissolved phase 4-NP at concentrations of 10 lg/L (low

dose) and 100 lg/L (high dose) for 20 days. We also exposed

another group of gobies to E2 (50 ng/L) for the same duration

to provide a positive control comparison for estrogen-

induced effects. Following 20 days of exposure to 4-NP or

E2, gobies were transferred to clean water for a 20 day depu-

ration period to characterize the time course of transcription-

al recovery. At several time points throughout the exposure

and depuration periods, we quantified changes in the relative

transcript abundance of genes encoding the choriogenins

chgL and chgHm, vitellogenins vtgA and vtgC, nuclear

estrogen receptors (ERs) esr1 and esr2a, and the steriodo-

genic enzyme cyp19a1b. These choriogenin and vitellogenin

genes are not normally expressed at high levels in the liver of

juvenile or male fish, but display inducible expression by

estrogens and a variety of xenoestrogens (Jobling and Sump-

ter, 1993; Hylland and Haux, 1997; Jones et al., 2000; Den-

slow et al., 2001; Hemmer et al., 2001; Lee et al., 2002;

Lange et al., 2012; Yamaguchi et al., 2015; Hara et al.,

2016). Since the expression of all three vtg genes is strongly

upregulated by estrogens (Flouriot et al., 1997), changes in

liver vtg transcript abundance and Vtg protein concentration

in blood circulation are consider to be among the most reli-

able and tractable biomarkers for xenoestrogen exposure

identified to date (Arukwe and Goksøyr, 2003; Garc�ıa-

Reyero et al., 2004; Hutchinson et al., 2006). The estrogen

receptor genes esr1 and esr2a encode two of three nuclear

ERs present in Actinopterygiian fishes (Hawkins et al.,

2000). Gene transcription for these ERs can be autoinduced

by estrogen exposure (Yadetie et al., 1999; Arukwe et al.,

2001). Cytochrome P450 aromatase (Cyp19a1) enzymes

convert testosterone to E2, and gene transcription for the

brain isoform (cyp19a1b) can be upregulated by exposure to

compounds with estrogenic properties (Kishida and Callard,

2001; Menuet et al., 2004). Quantification of these gene tran-

scripts under an experimental design of exposure-depuration

was selected to impart a detailed picture of the temporal

dynamics for induction and recovery of hepatic and brain

mRNA biomarkers of 4-NP or E2 exposure.

2. MATERIALS AND METHODS

2.1. Sequencing of Partial cDNAs Encoding
Estrogen-Responsive Genes

2.1.1. RNA Extraction

A female arrow goby (body mass: 0.52 g, standard length:

38.90 mm) was collected from its burrow within the intertid-

al mud flats of the Morro Bay estuary (35.3451738N,

2120.8439458W) near Morro Bay, CA, USA, using slurp

guns on 3 February 2012. The fish was euthanized using tri-

caine methansulfonate (MS222, Argent Laboratories, Red-

man, WA, USA), and the brain and liver tissues were

dissected, frozen in liquid N2, and stored at 2808C. Total

RNA was extracted using Tri-Reagent (Molecular Research

Center, Cincinnati, OH, USA) with bromochloropropane for

phase separation. The resulting total RNA was quantified

(P300 NanoPhotometer, Implen, Westlake Village, CA,

USA) and DNase I treated using the Turbo DNAfree Kit

(Ambion, Grand Island, NY, USA).

2.1.2. Degenerate Primer PCR and cDNA
Sequencing

Total RNA was reverse transcribed, and PCR was then per-

formed using degenerate primers designed to consensus

TIME COURSE OF GENE TRANSCRIPT BIOMARKERS TO 4-NP AND E2 IN ARROW GOBY 1515

Environmental Toxicology DOI 10.1002/tox



regions of cDNA or gene sequences for choriogenin L major

(chgL) and choriogenin H-minor (chgHm), vitellogenin A

(vtgA), and C (vtgC), estrogen receptors alpha (esr1) and

gamma (esr2a), and the brain isoform of the steroidogenic

cytochrome P450 aromatase enzyme (cyp19a1b). All degen-

erate primers are provided in supporting information Table 1.

Degenerate primers for chgL were made using cDNA sequen-

ces from Cyprinodon variegatus (AY598616), Fundulus het-
eroclitus (AB533330), and Kryptolebias marmoratus
(EU867503), and for chgHm using available cDNAs from C.
variegatus (AY598615), F. heteroclitus (AB533329), K. mar-
moratus (EU867502), and Cichlasoma dimerus (EU081905).

Degenerate primers for vtgA were designed from Thunnus
thynnus (FJ743688), Pargus major (AB181838), and Labrus
mixtus (FJ456934), and for vtgC from T. thynnus
(GU217573), L. mixtus (FJ456936), and Morone americana
(DQ020122). Primers to esr1 were made to consensus regions

of sequences from the yellowfin goby Acanthogobius flavima-
nus (AB290321), Sebastes schlegelii (FJ594994), Chrys-
ophrys major (AB007453), and Acanthopagrus schlegelii
(AY074780), and to esr2 using sequences from A. flavimanus
(AB290322), Paralichthys olivaceus (AB070630), and Perca
flavescens (DQ984125). Degenerate primers to cyp19a1b
were designed to cDNA sequences available from F. hetero-
clitus (AY494837), Poecilia reticulata (AT395692), and

Jenynsia multidentata (EU851873). A partial cDNA encoding

60S ribosomal protein L8 (rpl8) was amplified and sequenced

for use as a housekeeper control gene using degenerate pri-

mers designed to consensus regions of cDNA sequences from

Pimephales promelas (AY919670), F. heteroclitus
(AY725217), Danio rerio (BC065432), Lates calcarifer
(GQ507429), and S. schlegelii (AB491052).

First-strand cDNA was generated using total RNA

extracted from both liver and brain in 20 lL reactions con-

taining 4.75 lg of RNA (4.0 lL), 1.0 lL of random primers

(random hexadeoxynucleotides; Promega Corp., Madison,

WI, USA), 1.0 lL of deoxynucleotide triphosphates (dNTPs,

100 mM, Promega Corp.), 0.25 lL of recombinant RNasin
VR

ribonuclease inhibitor (20 U lL21, Promega Corp.), 5.5 lL

of nuclease-free H2O, and 4.0 lL of 53 buffer, 3.0 lL of

MgCl2 (25 mM), and 0.5 lL of GoScriptTM reverse tran-

scriptase enzyme (Promega Corp.). Reverse transcription

reactions were run under a thermal profile of 258C for 5 min,

428C for 1 h, and the 708C for 15 min, according to the pro-

tocol of the GoScriptTM Reverse Transcription System

(Promega Corp.).

First-strand cDNA was then amplified in reactions com-

prised of 25 lL of GoTaq
VR

Colorless Master Mix (Promega

Corp.), 21 lL of nuclease-free H2O, 1 lL each of forward

and reverse degenerate primer (50 lM), and 2 lL of cDNA.

Each PCR was run using thermal conditions of 948C for

2 min followed by 35 cycles of 948C for 30 s, 49–548C for

30 s, and 728C for 1–1.5 min, and finally 728C for 2 min.

The resulting PCR products were then amplified by a second

round of PCR using nested forward and reverse primers and

similar thermal cycling conditions. Finally, PCR products

were examined by gel electrophoresis using 1.2% ethidium

bromide agarose gels (E-Gel
VR

agarose gels; Life Technolo-

gies, Grand Island, NY, USA), and any resulting products of

expected size were purified (QIAquick PCR purification kit;

Qiagen, Valencia, CA, USA) and Sanger sequenced (Molec-

ular Cloning Laboratories, South San Francisco, CA, USA).

The resulting nucleotide sequences were then aligned using

Sequencher v.4 software (GeneCodes Corp., Ann Arbor, MI,

USA) and BLAST searched against existing entries in the

NCBI database (www.ncbi.nlm.nih.gov) to confirm cDNA

identity. The resulting sequence assemblies generated partial

length cDNAs for choriogenins chgL (549 bp nucleotides in

length; GenBank accession No. KU886161) and chgHm
(397 bp, KU886160), vitellogenins vtgAa (1100 bp,

KU886159) and vtgC (962 bp, KU886158) estrogen recep-

tors esr1 (696 bp, KU886157), and esr2a (756 bp,

KU886156), the brain isoform of aromatase cyp19a1b
(797 bp, KU886155) from the arrow goby. We also obtained

a partial, 328 bp nucleotide cDNA encoding rpl8
(KU886162) for use as an internal control gene for quantita-

tive real-time PCR.

2.2. NP Exposure and Recovery Experiment

2.2.1. Animals

Adult arrow gobies (C. ios) were collected at low tide on 21

August 2013 and 25 August 2013 from the burrows of ghost

shrimp (N. californiensis) or polychaete worms within the

mud flats of Morro Bay estuary, CA, USA, using slurp guns.

Fish were transported back to California Polytechnic State

University’s Center for Coastal Marine Sciences facility in

Avila Beach, CA. The gobies were housed in 3 L acrylic

tanks with flow-through filter seawater (33 ppt salinity)

under ambient photoperiod, and fed an ad libitum diet of

tropical fish flake (International Pet Supplies and Distribu-

tion, Inc., San Diego, CA, USA) for at least 21 days prior to

commencing experimental treatments. All experimental pro-

cedures were approved by the Animal Care and Use Com-

mittee of California Polytechnic State University, San Luis

Obispo (Protocol #1301).

2.2.2. Experimental Design

Arrow gobies (standard length: 37.93 6 0.27 mm; body

mass: 0.54 6 0.01 g; mean 6 SEM) were divided haphaz-

ardly into mixed-sex groups of 25 fish that were each trans-

ferred to closed-system, 19 L glass aquaria assigned to one

of the following treatments: high dose 4-NP (100 lg/L 4-NP

in 0.0001% ethanol), low dose 4-NP (10 lg/L 4-NP in

0.0001% ethanol) or control (0.0001% ethanol vehicle only).

An additional set of fish were exposed to 17b-estradiol (E2;

50 ng/L in 0.0001% ethanol) as a positive control compari-

son. Four replicate aquaria were used for each treatment.

Experimental 4-NP (mixture of C15H24O isomers, purity
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>98.5%, ACROS Organics) and E2 (Sigma-Aldrich, St.

Louis, MO, USA) treatments were created by first dissolving

each compound in absolute ethanol and then adding the dis-

solved phase chemical to an experimental tank. Complete

seawater and chemical exposure renewal of each treatment

tank occurred every 2–3 days. All exposure tanks were oxy-

genated with air and positioned within a larger flow-through

water bath (approximately 1135 L) to maintain all treatment

tanks at ambient ocean temperatures (15.1 6 1.68C; mean 6

SD) (HOBO Pendant
VR

Temperature/Light Data Logger,

Onset Computer Corp., Bourne, MA, USA) throughout the

experiment.

Each 19 L treatment tank initially contained clean, fil-

tered seawater at the time that gobies were introduced to the

tanks, and fish were maintained in the treatment tanks under

these clean seawater conditions for 48 h prior to the addition

of 4-NP (high or low dose), ethanol vehicle, or E2 positive

control. Pre-exposure collections (“baseline” samples, Day

0) of gobies (n 5 6–10 per treatment) were conducted on the

morning immediately prior to commencing chemical expo-

sures. For this baseline collection and each sampling time

thereafter, gobies were captured haphazardly from the 19 L

treatment tanks using dip nets, euthanized in MS222, and

then measured and weighed. Liver and brain tissues were

flash frozen in liquid N2 and subsequently stored at 2808C.

The gonad tissues were also dissected for visual confirma-

tion of gonadal sex.

Immediately after the collection of the “baseline” (Day

0) fish samples was complete, 4-NP, E2 (positive control),

or ethanol vehicle (negative control) was added to each

respective treatment tank (Fig. 1). Gobies (n 5 5–10) were

then sampled again from each treatment tank at time

points of 24 h (Day 1), 72 h (Day 3), 12 days (Day 12),

and 20 days (Day 20) after commencing 4-NP or E2 expo-

sures, followed by a 20 day depuration period where

gobies were maintained in clean seawater without addi-

tions of 4-NP, E2 or ethanol vehicle. Gobies were sampled

during this depuration period at time points of 72 h

(Recovery Day 3), 12 days (Recovery Day 12), and

20 days (Recovery Day 20) after the change to untreated

seawater to evaluate the time course of transcript biomark-

er recovery from dissolved phase 4-NP exposure.

2.2.3. Quantification of Estrogen-Responsive
mRNAs Using qPCR

Total RNA was extracted from the liver and brain tissues

using Tri-Reagent as described above. The resulting RNA

was quantified (P300 Nanophotometer), DNase I treated

(Turbo DNAfree Kit; Ambion), and then quantified again.

Total RNA was reverse-transcribed in 18 lL reactions con-

taining 3.6 lL 53 buffer (Promega, Madison, WI, USA),

2.7 lL MgCl2, 0.9 lL deoxyribonucleotide triphosphates

(dNTPs; 10 mM), and 0.9 lL random hexamer primer

(Promega, Madison, WI), 0.225 lL recombinant RNasin

RNase inhibitor (Promega), 0.675 lL GoScript reverse tran-

scriptase enzyme (Promega), and 9.0 lL of total RNA tem-

plate (25 ng/lL) under a thermal profile of 258C for 5 min,

428C for 1 h, and 708C for 15 min.

Gene-specific oligo primers for SYBR green real-time

quantitative reverse transcription polymerase chain reaction

assays (qRT-PCR) were designed for choriogenins chgL and

chgHm, vitellogenins vtgAa and vtgC, estrogen receptors

esr1 and esr2a, brain aromatase cyp19a1b, and ribosomal

protein rpl8. All primers were synthesized by Integrated

DNA Technologies (Coralville, IA, USA), and primer nucle-

otide sequences are provided in Table 2 of the supporting

information. Quantitative RT-PCRs (16 lL) contained

8.0 lL SYBR Green Master Mix (Life Technologies, Grand

Island, NY, USA), 1.0 lL each of forward and reverse prim-

er (10 lM), 4.5 lL nuclease-free water, and 1.5 lL of

reverse-transcribed cDNA template. The PCR thermal pro-

file for each reaction was 508C for 2 min, 958C for 2 min, 40

cycles of 958C for 15 s, and 608C for 1 min. A dissociation

stage consisting of 958C for 15 s, 608C for 30 s, and 958C for

15 s was also included for each reaction to confirm amplifi-

cation of a single product and the absence of primer-dimers.

For each gene, a standard curve was made from pooled

RNA samples representing all treatments. These standards

were serially diluted and with each standard assayed in tripli-

cate. Correlation coefficients (r2) of the standard curve for

each gene were always greater than r2 5 0.90. Controls for

DNA contamination were run via the inclusion of RNA sam-

ples that were not reverse transcribed. For each gene, result-

ing mRNA levels were calculated based on the standard

Fig. 1. Experimental design illustrating the 3 week pre-exposure acclimation period, 4-NP or E2 exposure period with sam-
pling time points at 0 h (baseline), 24 h, 72 h, 12 d, and 20 d, and depuration period with sampling at 72 h, 12 d, and 20 d.
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curve, normalized to rpl8 mRNA abundance from that same

tissue of the individual fish, and then expressed as a value

relative to mRNA abundance of the “baseline” (Day 0) mea-

surement of the vehicle control group.

2.3. Statistical Analyses

Relative mRNA abundance data did not conform to the

assumptions of normality and were therefore log10(x 1 1)

transformed. The transformed mRNA expression data for

the two 4-NP treatments and the control vehicle group were

analyzed using two-factor ANOVA models with “treatment”

and “sampling day” as factors. When significant main effects

or interactions were identified in the two-factor ANOVA

models, a Dunnett’s test was then run to identify which treat-

ment groups differed significantly within each sampling day.

Given that the aim of exposing fish to E2 (positive control)

was to provide a temporal comparison of the induction of

gene transcription, these E2-exposed fish were analyzed sep-

arately using a one-factor ANOVA model with “sampling

day” as the main effect factor. Pairwise post hoc compari-

sons were then conducted using Tukey HSD multiple com-

parison tests to identify significant differences in relative

mRNA levels among sampling days. All statistical analyses

were two-tailed and performed using the statistical software

package JMP v10 (SAS Institute, Inc., Cary, NC, USA).

3. RESULTS

3.1. Liver Choriogenin and Vitellogenin
mRNA Levels Are Altered by 4-NP

The relative abundance of gene transcripts encoding chorio-

genin chgL in the liver increased �21-fold in fish exposed to

the high dose of 4-NP after 72 h of treatment

Fig. 2. Relative mRNA expression of choriogenin mRNAs encoding chgL and chgHm and vitellogenins vtgAa and vtgC in the liver
of male arrow gobies exposed to either ethanol vehicle control, 4-NP at 10 lg/L, or 4-NP at 100 lg/L for a 20 day period followed
by a 20 day depuration. Statistical significance was evaluated first with two-way ANOVA models and then with post hoc Dunnett’s
tests within each sampling day (* denotes p < 0.05) Inset graphs: Relative mRNA expression of chgL, chgHm, vtgAa, and vtgC in
the liver of male arrow gobies exposed to 17b-estradiol [E2] at 50 ng/L (positive control). Statistical significance was evaluated
with one-way ANOVA models and then with post hoc Tukey’s tests across sampling days. Prime indicators on x-axis represent
time after initial depuration (change to clean water). Error bars represent SEM. (n 5 6–11 fish per treatment and sampling time).
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(treatment * sampling date, F14,158 5 2.995, p 5 0.0004)

(Fig. 2A). Hepatic chgL mRNA levels in these high dose 4-

NP exposed males were elevated throughout the entire 4-NP

exposure period and remained elevated 72 h following the

transfer of fish to clean water (depuration). The hepatic

abundance of transcripts encoding chgHm was likewise

observed to be approximately 13-fold higher in males

exposed to the high dose 4-NP treatment compared to the

control group beginning 12 days after commencing 4-NP

exposure, and approximately 16-fold higher after 20 days of

exposure (treatment * sampling date, F14,157 5 4.056,

p < 0.0001) (Fig. 2B). Similar to chgL, transcript abundance

for chgHm remained significantly elevated through 72 h of

depuration. Transcripts encoding chgHm showed evidence

of a more rapid induction in gene expression in some males

beginning 72 h after commencing 4-NP exposure, but the

large variation among individual fish in that gene transcrip-

tion response precluded statistical significance in pairwise

comparisons. As expected, E2 elevated both chgL (Fig. 2A;

F7,55 5 11.593, p < 0.0001) and chgHm (Fig. 2B;

F7,55 5 17.521, p < 0.0001) mRNA levels in the liver within

24 h of hormone treatment. Transcript abundances for both

choriogenin genes remained elevated from pretreatment

baseline levels through the entire E2 exposure period but

returned to baseline after 72 h of depuration for chgL and

after 12 days for chgHm.

Gene transcripts encoding vtgAa were also significantly

upregulated in the liver by the high dose 4-NP exposure

(treatment * sampling date, F14,153 5 3.5245, p < 0.0001)

(Fig. 2C). Transcript abundance for vtgAa increased �60-

fold by 4-NP within 72 h, and remained elevated throughout

the entire exposure period. Hepatic vtgAa mRNA abundance

remained significantly elevated though 72 h of the depura-

tion period, but returned to baseline levels by 12 days after

transfer to clean water. 4-NP exposure likewise induced a

�23-fold increase in vtgC mRNA levels within 72 h after

dosing (Fig. 2D) (treatment * sampling date,

F14,146 5 2.5039, p 5 0.0032), and vtgC mRNA levels in

fish exposed to the high dose of 4-NP remained significantly

elevated until 12 days after depuration. These patterns of 4-

NP induction of vtgAa and vtgC mirrored the temporal

induction of these transcripts by E2, with E2 upregulating

hepatic mRNA levels for both vtgAa (F7,55 5 9.671,

p < 0.0001) and vtgC (F7,55 5 3.5017, p 5 0.0036) within

72 h. However, 4-NP induction of vtgAa peaked at only

�40% of the maximum transcript abundance elevation

induced by E2 (Fig. 2C), and vtgC peaked at�10% the max-

imum mRNA level caused by exogenous E2 (Fig. 2D).

3.2. Hepatic Estrogen Receptor mRNA
Levels

Relative gene transcript abundance for esr1 became elevated

in the liver of fish treated with the high dose of 4-NP (Fig.

3A) (treatment * sampling effect, F14,146 5 1.7944,

p 5 0.0444). The increase in hepatic esr1 mRNA levels

caused by 4-NP was not statistically significant until day 12

of exposure, even though an increasing trend appeared

apparent as soon as 24 h after commencing exposure. Treat-

ment of fish with exogenous E2 likewise elevated liver esr1
mRNA abundance. This effect of 4-NP was rapidly detect-

able at 24 h and peaked as a 75-fold elevation at 72 h, but

Fig. 3. Relative mRNA expression of estrogen receptors
esr1 and esr2a in livers of adult male arrow gobies exposed
to either ethanol vehicle control, 4-NP at 10 lg/L (low 4-NP
dose), or 4-NP at 100 lg/L (high 4-NP dose) for a 20 day
period followed by a 20-day depuration. Statistical signifi-
cance was evaluated first with two-way ANOVA models and
then post hoc Dunnett’s tests within each sampling day
(*p < 0.05). Inset graphs: Relative mRNA expression of esr1
and esr2a in the liver of male arrow gobies exposed to 17b-
estradiol [E2] at 50 ng/L (positive control). Statistical signifi-
cance was evaluated with one-way ANOVA models and
then post hoc Tukey’s tests across sampling days. Prime
indicators on x-axis represent time after initial depuration
(change to clean water). Error bars represent SEM values.
(n 5 6–10 fish per treatment and sampling day).

TIME COURSE OF GENE TRANSCRIPT BIOMARKERS TO 4-NP AND E2 IN ARROW GOBY 1519

Environmental Toxicology DOI 10.1002/tox



then declined to a �15-fold elevation over pre-exposure

expression levels until terminating E2 exposure after 20

days (Fig. 3A). Hepatic transcript abundance for esr2a was

not affected by 4-NP at either the high or low doses (Fig.

3B) (treatment * sampling date, F14,154 5 0.6100,

p 5 0.8539), and was likewise not affected by E2 treatment

(F7,53 5 1.0552, p 5 0.4050) suggesting the absence of

estrogen-response transcriptional regulation for esr2a in the

liver.

3.3. Brain Aromatase and Estrogen
Receptor mRNA Levels

In the brain, relative mRNA levels of cyp19a1b were

observed to be elevated threefold at 12 days and �2.5-fold

at 20 days after commencing E2 treatment (Fig. 4A)

(F7,54 5 5.1060, p 5 0.0002). Transcript abundance for

cyp19a1b declined back to baseline levels after 20 days of

depuration. The 4-NP treatments (10 lg/L or 100 lg/L),

however, did not have any detectable effects on brain

cyp19a1b transcript abundance (Fig. 4A) (treatment effect:

F2,153 5 0.8234, p 5 0.4408; treatment * sampling day

interaction: F14,153 5 0.3851, p 5 0.9775).

4-NP exposure did not alter the relative abundance of

esr1 (treatment effect: F2,153 5 0.2667, p 5 0.7663; treat-

ment * sampling day interaction: F14,153 5 0.5800,

p 5 0.8777) or esr2a (treatment effect: F2,153 5 0.2019,

p 5 0.8174; treatment * sampling day interaction:

F14,153 5 0.8982, p 5 0.5621) gene transcripts in the brain.

E2 likewise had no effect on transcript abundance of either

estrogen receptor esr1 (F7,54 5 0.6503, p 5 0.7124) or

esr2a (F7,54 5 1.6777, p 5 0.1351) in the brain.

4. DISCUSSION

In this study, we characterized the timing of induction and

recovery for estrogen-responsive gene expression to 4-NP to

establish and validate mRNA abundance changes as reliable

biomarkers for environmental monitoring using the estuarine

arrow goby. Our data indicated that the relative mRNA

expression of both choriogenins (chgL and chgHm) and

vitellogenins (vtgAa and vtgC) showed upregulation in the

Fig. 4. Relative mRNA expression of cyp19a1b, esr1, and
esr2a in the brain of adult male arrow gobies exposed to
either ethanol vehicle control, 4-NP at 10 lg/L, or 4-NP at
100 lg/L for a 20 day period followed by a 20 day depura-
tion. Statistical significance was evaluated first using two-
way ANOVA models and then within each sampling day
using Dunnett’s tests (*p < 0.05). Inset graphs: Relative
mRNA expression of cyp19a1b, esr1, and esr2a in the liver
of male arrow gobies exposed to 17b-estradiol [E2] at
50 ng/L (positive control). Statistical significance was evalu-
ated with one-way ANOVA models and then post hoc
Tukey’s tests across sampling days. Prime indicators on
x-axis represent time after initial depuration (change to clean
water). Error bars represent SEM values. (n 5 6–10 fish per
treatment and sampling day).
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liver in response to both 4-NP and E2. While significant ele-

vations in hepatic chgL and chgHm mRNAs were detected

within 24 h of E2 treatment, increases in vtgAa and vtgC
were first observed after 72 h of E2 exposure, suggesting a

slower transcriptional upregulation of these Vtg genes com-

pared to the Chg mRNAs. Likewise, we observed rapid tran-

scriptional induction of estrogen receptor esr1 mRNAs in

the liver within 24 h of E2 exposure. This E2-induced eleva-

tion in esr1 mRNAs peaked at 72 h, and then declined by

12 days even under continuing E2 dosing. Hepatic mRNAs

encoding esr1 were similarly increased by the 100 mg/L

(high dose) 4-NP exposure, with significant elevations

observed after 12 days of treatment. Transcript levels of esr1
returned to baseline, pre-exposure abundance by 20 days,

however, even under continuing 4-NP exposure. These dis-

tinct patterns for the initial induction, maximum induction,

and recovery for Chg, Vtg, and ER mRNAs after E2 or 4-

NP treatment point to variation in the utility of these genes

as biomarkers for the biomonitoring of 4-NP and xenoestro-

gen exposure in the arrow goby and possibly other fish (Wu

et al., 2005), and are likely related to the distinct functional

roles of these genes in reproductive physiology.

4.1. Time-Course of Choriogenin and
Vitellogenin Biomarker Induction and
Recovery

The inner layer of the fish egg envelope (chorion), termed

the zona radiata, is comprised of three glycoprotein subunits

ZI-1, ZI-2, and ZI-3 derived from precursor proteins synthe-

sized in the liver from the genes chgH, chgHm, and chgL,

respectively (Murata et al., 1994, 1997a; Sugiyama et al.,

1999). The resulting choriogenin proteins are then trans-

ported in blood circulation to the ovary for incorporation

into developing oocytes (Murata et al., 1997b; Yilmaz et al.,

2015; Hara et al., 2016). It is well established that the

expression of chg genes in fish is regulated by estrogens and

xenoestrogens (Arukwe and Goksøyr, 2003; Lee et al., 2002;

Rhee et al., 2009; Yamaguchi et al., 2015). In adult male

medaka (Oryzias latipes), for example, the hepatic abun-

dance of mRNAs encoding both chgH and chgL rises within

4–8 h of E2 treatment (Murata et al., 1997a; Yamaguchi

et al., 2015), and male sheepshead minnow (Cyprinodon
variegatus) treated with dissolved phase E2 at doses of

182 ng/L or greater exhibited significant elevations in chg
gene transcript abundance within 2 days of exposure

(Knoebl et al., 2004). While Knoebl and coworkers (2004)

also observed similar E2 dose thresholds for the induction of

Chg genes, several other studies provide evidence that

changes in mRNA levels of chgL are a more sensitive bio-

marker for estrogenic effects than chgHm both for their

higher and more rapid inducible response. For instance,

male medaka treated with waterborne 4-NP at 50 lg/L

exhibited detectable chgL mRNA levels after 6 days as

assessed via semi-quantitative RT-PCR, while chgHm

transcripts required a 4-NP dose of 100 lg/L to express

bands at this same 6 day exposure duration (Lee et al.,

2002). A similar lower dose threshold for chgL transcription

induction was observed in response to bisphenol A, sugges-

ting a general pattern of more sensitive estrogenic induction

for chgL than for chgHm (Lee et al., 2002). Given our data

here, where we observed a similar timing of induction of

chgL and chgHm following 4-NP and E2 exposures, we

interpret previously observed differences in xenoestrogen

induction of chgL and chgHm as likely resulting from the

dissimilarities in magnitude of relative transcript abundance

responses for these two Chg genes rather than being indica-

tive of differences in the timing of E2 or xenoestrogen

induction. We observed that E2 induced a greater than 350-

fold increase in hepatic chgL mRNA levels, but only a

�180-fold increase in chgHm mRNAs within 72 h of com-

mencing treatment of male gobies with E2. It is important to

note, however, that 4-NP exposure at 100 lg/L significantly

increased chgL mRNA levels by �30-fold, but chgHm
mRNAs by �40- to 60-fold within 72 h to 12 days of treat-

ment, suggesting that the relative magnitude of transcript

upregulation for these two Chg genes may vary depending

on the estrogen or xenoestrogen compound.

Similar to the Chg envelope proteins, results from our

current study with male arrow gobies showed that relative

mRNA expression of the two examined vitellogenins, vtgAa
and vtgC, in the liver was significantly upregulated follow-

ing exposure to either E2 or the 100 lg/L dose of 4-NP.

Most teleost fishes have evolved at least three forms of Vtg

proteins with each protein encoded by one or more genes:

vtgAa and vtgAb encode full length Vtg proteins, while the

vtgC gene encodes a truncated Vtg lacking three yolk protein

domains (Wang et al., 2005; Finn and Kristoffersen, 2007;

Reading et al., 2009; Reading and Sullivan 2011; Williams

et al., 2014; Yilmaz et al., 2015). The relative expression

levels of these genes and, subsequently, proportional compo-

sition of yolk proteins derived from the different forms of

Vtgs varies among fish taxa (Williams et al., 2014). The

yolk of the marine goldsinny wrasse (Ctenolabrus rupestris),
for example, is almost completely comprised of VtgAa pro-

tein (Kolarevic et al., 2008), while the ratio of VtgAa:

VtgAb:VtgC proteins is 9:15:1 in the yolk of oocytes from

barfin flounder, Verasper moseri (Sawaguchi et al., 2008).

Our data provide further evidence supporting the validity

of using elevated relative mRNA levels of these vtg genes as

reliable biomarkers of exposure to 4-NP in male fishes

(Hemmer et al., 2002; Arukwe and Goksøyr, 2003; Bowman

et al., 2003). 4-NP elicited significant increases in vtgAa and

vtgC relative mRNA levels within 72 h of initiating expo-

sure. The degree of 4-NP induction for vtgAa was nearly

two magnitudes greater than that observed for vtgC. Similar

variation in transcriptional induction between vtgAa and

vtgC was also observed in response to E2 treatment. This

observation corresponds with the findings of Meng and cow-

orkers (2010), who found that relative levels of full-length
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vtg transcripts (vtg-1, vtg-2, vtg-4, and vtg-5) in zebrafish

(Danio rerio) showed higher magnitude peak induction fol-

lowing exposure to ethinyl estradiol (EE2), than did mRNA

levels for Danio vtg-3, which encodes a truncated Vtg pro-

tein homologous to vtgC in other fishes. Fathead minnows

(Pimephales promelas) treated with EE2 likewise showed

varying maximum transcriptional induction responses

depending on the vtg gene, with levels of vtgC mRNAs

peaking four orders of magnitude lower than the maximum

levels for vtgA mRNAs (Miracle et al., 2006). Taking into

account this evidence from multiple independent studies,

vtgAa mRNA levels indeed appear to exhibit a greater mag-

nitude response to estrogenic compound exposures than

vtgC transcripts.

In terms of biological response recovery, our results

showed that these Chg transcriptional changes induced by 4-

NP or E2 exposure recovered to pre-exposure expression

levels within 12 days of depuration. Recovery of vtg mRNAs

levels from their 4-NP induced elevation varied depending

on the vtg gene; transcripts encoding vtgAa remained elevat-

ed at 72 h after depuration, while vtgC mRNA abundance

was still elevated significantly even at 12 days after depura-

tion, albeit at a low, 1.7-fold level compared to the peak

induction levels of more than 23-fold. Transcripts encoding

vtgC also showed limited evidence of declining abundance

levels between 72 h and both 12 and 20 days of 4-NP treat-

ment, suggesting the possibility of a modest compensatory

response under continuous 4-NP exposure (e.g., Calabrese

and Baldwin, 2001; Genovese et al., 2012). Hepatic levels of

both vtg genes had returned to pre-exposure baseline abun-

dance before 20 days of clean water exposure, demonstrating

that neither 4-NP nor E2 caused long-term changes in the

relative expression levels of these genes.

This rapid recovery of vtg mRNA levels following termi-

nation of E2 or 4-NP exposure in the arrow goby mirrors the

recovery timing observed previously for Vtg pathways in

other fishes. For example, sheepshead minnow treated with

dissolved phase E2 (0.089 or 0.71 ng/L) or para-NP (5.6 or

59.6 mg/L) for 15 days still exhibited elevated hepatic vtg
mRNA and plasma Vtg protein levels 2 days after cessation

of chemical exposures, but Vtg declined by 4 days and was

at pre-exposure levels within 8 days of depuration (Hemmer

et al., 2002). In a study of the South American cichlid

Cichlasoma dimerus exposed to octophenol (150 lg/L) for

28 days, Genovese and coworkers (2012) observed that

hepatic mRNAs for chgL and chgH returned to control unex-

posed levels within 1–3 days of depuration, while vtgAb
mRNAs remained elevated 7 days after transfer to clean

water, but had returned to control levels prior to the next

sampling time at 14 days.

Based on the time course of induction and recovery

observed in these and other studies, hepatic choriogenins

chgL and chgHm and vitellogenins vtgAa and vtgC exhibit

characteristics of fast-induction and fast-recovery corre-

sponding to a type 5 biomarker according to the temporal

induction-recovery classification proposed by Wu and cow-

orkers (2005). Such type 5 biomarkers are highly sensitive

to fluctuations in environment levels of chemical contami-

nants and respond rapidly to a pulse increase or decline in

pollution (Wu et al., 2005). Increases in chg mRNAs do not

appear to show significant adaptation even under long-term

estrogen or xenoestrogen exposure (e.g., Giesy et al., 2000;

Ackermann et al., 2002) and the maximum induction levels

of these genes is correlated with the concentration, and in

some cases short-term duration, of exposure (e.g., Knoebl

et al., 2004). Those characteristics indicate that changes in

the relative abundance levels of these genes should serve as

tractable, dose-response biomarkers for evaluating variation

in 4-NP contamination in coastal estuaries, where rainfall

often generates episodic increases in pollution levels (Ken-

nish, 1997; Sun et al., 2012; DeLorenzo, 2015).

4.2. Estrogen Receptor Induction Varies with
Receptor Type and Tissue

The genomic actions of estrogens such as E2 occurs via hor-

mone binding to nuclear estrogen receptors (ERs), which

then interact with estrogen responsive elements (EREs)

within the promoter regions of genes to modify transcription

(Beato, 1991). Xenoestrogens such as 4-NP can likewise

bind these ERs and block endogenous estrogen access

(McLachlan, 1993), ultimately, inducing the synthesis of

estrogen responsive genes (Yadetie et al., 1999). Three

nuclear ERs have been identified in teleost fish, esr1, esr2a,

and esr2b (Hawkins et al., 2000). Although all three recep-

tors are expressed in several organs and tissues, the highest

expression levels of these nuclear ER genes typically occur

in the liver and gonad, with lower levels in the brain, pitui-

tary, intestine, and skeletal muscle (Tchoudakova et al.,

1999; Hawkins et al., 2000; Socorro et al., 2000; Menuet

et al., 2002). Tissue distribution patterns for ER expression,

however, can also vary between fish taxa. For instance, tran-

scripts encoding esr1 and esr2b are principally expressed in

the liver of fathead minnows (Filby and Tyler, 2005), while

esr2a is expressed predominantly in the intestine and ovaries

of this cyprinid species (Bouma and Nagler, 2001; Wu et al.,

2001; Filby and Tyler, 2005). However, in studies of nuclear

ERs from two other cyprinid fishes, transcripts encoding

esr1 in African catfish (Clarias gariepinus) and the esr2a in

goldfish (Carassius auratus) were each most highly

expressed in pituitary and brain, with considerably lower

levels of expression in the gonad and liver (Ma et al., 2000;

Choi and Habibi, 2003; Teves et al., 2003). Such species

variation in esr gene expression is likely attributable to sev-

eral factors including differences in circulating E2 concen-

trations, dissimilar estrogen function between the sexes, and

taxonomic variation in reproductive life history including

breeding seasonality (e.g., Hern�andez et al., 1992; Marlatt

et al., 2010).
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Our results here with the arrow goby point to another fac-

tor that might help explain observed species differences in

ER mRNA expression: differences in estrogen-induced tran-

scriptional sensitivity between esr genes. Specifically, we

observed that hepatic transcript abundance for esr1 in adult

male arrow gobies was upregulated over 40-fold within 24 h

and over 75-fold by 72 h following the start of E2 exposure.

4-NP exposure likewise upregulated liver esr1 transcript

abundance, with esr1 mRNAs increased 21-fold after

12 days of treatment with 100 lg/L 4-NP. Relative mRNAs

for esr1 remained elevated only briefly during both the 4-NP

and E2 exposures, and returned to pre-exposure baseline

abundance prior to cessation of 4-NP or E2 exposure imply-

ing adaptation of the esr1 transcriptional response under pro-

longed 4-NP or E2 exposure. Neither 4-NP nor E2, however,

had any effect on hepatic esr2a mRNA levels, suggesting

that esr2a transcriptional regulation in the liver of adult male

arrow gobies may be insensitive to estrogenic compounds.

Several prior studies support this finding that teleost

nuclear ER genes can differ in their sensitivity of tran-

scriptional induction to estrogen and xenoestrogens

(Boyce-Derricott et al., 2010; Huang et al., 2010a, 2010b;

Nelson and Habibi, 2013; Tohyama et al., 2015). In male

fathead minnow, for instance, E2 (100 ng/L) was observed

to upregulate hepatic esr1 relative mRNA levels but had

no effect on transcript abundance for either esr2a or esr2b
(Filby and Tyler, 2005). Similarly, exposure of male gold-

fish to exogenous E2 via silastic implants of 100 lg/g

body mass strongly upregulated hepatic esr1 (ERa)

mRNA levels, had no effects on esr2a (ERb2) mRNAs

and down-regulated transcript abundance for esr2b
(ERb1) (Marlatt et al., 2008). Rainbow trout (Oncorhyn-
chus mykiss) treated with aqueous phase E2 (473 ng/L) for

7 days showed elevations in mRNAs for two esr1 paralogs

encoding a-type receptors ERa1 and ERa2, but no change

in abundance for transcripts encoding the b receptors

ERb1 and ERb2 (Osachoff et al., 2013). Meucci and

Arukwe (2006) found that exposure of juvenile Atlantic

salmon, Salmo salar, to waterborne 4-NP at doses of 5–

50 lg/L upregulated hepatic esr1 mRNA levels after 3 and

7 days of exposure, but also observed that an esr2 tran-

script was temporally reduced in relative abundance after

3 days of 4-NP exposure, only to recover to pre-exposure

levels by 7 days of 4-NP treatment. The picture that has

emerged from these and other studies that have examined

ER regulation in the liver confirms E2 autoinduction of

hepatic esr1 transcription across oviparious fishes exam-

ined to date, but also suggests that the effects of E2 on

hepatic esr2a and esr2b transcription vary depending on

the species and life history stage being examined (Nelson

and Habibi, 2013).

The differing sensitivities of teleost fish esr genes to

estrogen-induced transcription is likely linked to divergent

functional roles for the nuclear ER receptors, with those

roles possibly varying themselves among tissues. While it

is sometimes suggested that the strong correlation in upre-

gulation between esr1 and vtg mRNAs in the liver infers

esr1/ERa mediation of vtg gene regulation, results from

experimental studies indicate that it is the esr2/ERb recep-

tor that mediates Vtg regulation by estrogens (Nelson and

Habibi, 2013). In rainbow trout hepatocytes, Vtg produc-

tion has been shown to be induced by the mammalian ERb

receptor agonist diarylpropionitrile, but not by the mam-

malian ERa agonist propyl-pyrazole-tiol (Leanos-Casta-

neda and Van Der Kraak, 2007). In this same study, the

ERa antagonist methyl-piperidino-pyrazole failed to

inhibit E2-induced Vtg production. Similarly, Yamaguchi

and coworkers (2015) aimed to clarify the differing roles

of ER subtypes in the mediation of E2-induced hepatic

choriogenin production in medaka (Oryzias latipes) and

observed that the induction of hepatic chgH transcription

was strongly dependent on the dose of an ERa selective

agonist (Orthoester-2k), implying esr1/ERa mediation of

liver chgH induction. In contrast, hepatic chgL mRNA

abundance was observed to be more responsive to an

ERb-selective ligand 2-(4-hydroxyphenyl)-5-hydroxy-1,3-

benzoxazole, suggesting that an esr2/ERb receptor may be

involved in E2-mediated chgL transcriptional induction

(Yamaguchi et al., 2014). While these and similar studies

are helping to elucidate the distinct functional roles of ERs

in E2-regulated vtg and chg transcription, it is important to

note that the specificity of these mammalian ER agonists

and antagonists likely varies depending on evolved varia-

tion in ER structure among teleost fishes, and that many

ligands may interact with multiple ERs—or other receptor

pathways—to directly or indirectly influence on vtg or chg
regulation (Chakraborty et al., 2011; Huang et al., 2010a).

For that reason, it might be expected that alternative

experimental approaches could provide conflicting infor-

mation about ER subtype function in Vtg and Chg regula-

tion. While such data is limited at present, one recent

study using esr receptor-specific morpholino (MO) oligonu-

cleotides to disrupt esr gene expression in zebrafish embryos

found that esr1 and esr2b MOs both prevented E2 induction

of vtg and esr1 mRNAs (Griffin et al., 2013), suggesting that

the findings from agonist/antagonist studies have not yet

revealed the complete picture of ER subtype function in reg-

ulating Vtg and Chg biomarker expression.

4.3. Brain Aromatase Regulation

In the brain, one of the best established gene targets of E2

action is the brain isoform of cytochrome P450 aromatase B

(Kishida and Callard, 2001), an enzyme catalyzing the con-

version of testosterone to estrogen. Actinopterygiian fishes

possess two forms of steroidogenic aromatase enzyme genes,

cypa19a1a and cyp19a1b, that evolved as a result of a gene

duplication event (Diotel et al., 2010). These genes show

distinct tissue-specific expression patterns with the cyp19a1a
gene (ovarian aromatase, or aromatase A) expressed
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primarily in ovary and the cyp19a1b (brain aromatase, or

aromatase B) expressed in radial glial cells in the brain

(Tchoudakova and Callard, 1998; Forlano et al., 2001;

Menuet et al., 2002; Zhang et al., 2004). Brain aromatase

transcription in fish has previously been shown to be induced

by estrogens (e.g., Kishida and Callard, 2001; Menuet et al.,

2004), and our data here revealed that male arrow gobies

treated with waterborne E2 (50 ng/L) exhibited nearly 2- to

3-fold greater cyp19a1b mRNA levels in the brain after 12

and 20 days of exposure. This E2-induced increase in brain

cyp19a1b mRNAs was short-term, however, and cyp19a1b
transcript abundance declined to baseline, control levels by

72 h after termination of the exposure. We did not, however,

detect any changes in brain cyp19a1b transcript abundance

caused by 4-NP at either exposure dose.

E2 regulation of cyp19a1b occurs in part via a nuclear

ER pathway, and two EREs have been identified in the 50

flanking region of the cyp19a1b genes from goldfish and

zebrafish (Callard et al., 2001). While it remains unclear

which ER subtype(s) mediate this cyp19a1b upregulation by

E2, morpholino inhibition of esr2b was found to impair E2-

induced cyp19a1b transcription in zebrafish embryos (Griffin

et al., 2013). In the present study, we tested for E2 and 4-NP

effects on the relative abundance of esr1 and esr2a tran-

scripts in the whole brain, but found no evidence for regula-

tion of either receptor gene by either of these chemicals.

While our results with brain esr regulation differ from some

previous findings in teleosts (e.g., Depiereux et al., 2014;

Marlatt et al., 2008), they are consistent with other studies.

For instance, waterborne 4-NP and E2 exposures for up to

six days had no effect on brain esr1 mRNA abundance in

rainbow trout fry (Vetillard and Bailhache, 2006). In one

recent study by Xing and coworkers (2016) using cultured

radial glial cells from goldfish, E2 was observed to upregu-

late the abundance of transcripts encoding both cyp19a1b
and esr2b, but not esr1 or esr2a. In this same study, this E2

effect on cyp19a1b mRNAs was also linked to E2-induced

recruitment of the dopamine D1 receptor and the level of

phosphorylated cyclic AMP response element binding pro-

tein (p-CREB). Xing and colleagues (2016) suggested, how-

ever, that this synergistic interaction between E2 and

dopamine pathways in upregulating cyp19a1b is not solely

mediated by esr2b, but also requires involvement of endoge-

nous esr1 and esr2a expression. While future studies are

needed to explore these interactions between aromatase, E2,

and dopamine pathways in the brain more fully, the inconsis-

tent and variable responses of ER transcriptional expression

to E2 in teleost fishes indicate that esr genes have limited

utility as biomarkers for xenoestrogen exposure.

5. CONCLUSION

Our data provides evidence for concentration- and time-

dependent induction of liver vtg and chg gene expression in

male arrow goby after exposure to environmentally relevant

concentrations of 4-NP. Maximum hepatic induction of

these genes occurred within 72 h to 12 days of exposure—

depending on the gene—and recovery of mRNA levels

took between 3 and 12 days following depuration. Our data

also demonstrate that the ER gene esr1 exhibits tissue-

specific transcriptional regulation by E2. Taken together,

these findings validate the utility of relative mRNA levels of

vtg and chg genes as accurate hepatic biomarkers for xenoes-

trogen exposure in the arrow goby and provide a foundation

for assessing whether male gobies in estuaries along the

Pacific Coast of N. America are being impacted by 4-NP

pollution in these habitats (Diehl et al., 2012; Maruya et al.,

2015).

Looking beyond the relevance of these findings for the

arrow goby specifically, this exposure-recovery data will

help inform the use of molecular biomarkers as indicators of

endocrine disruption and toxicity in demersal fishes more

broadly. Marine sediments can be a significant source for the

exposure of demersal fishes to 4-NP and other chemicals,

and contaminants accumulated in sediment can move into

the overlying water via equilibrium partitioning or be taken

up via dermal absorption (Salomons et al., 1987). Such

uptake mechanisms, in combination with biomagnification,

may result in elevated contamination risk for demersal spe-

cies compared to taxa living in the water column. For exam-

ple, in coastal southern California, benthic Pleuronectiform

fishes including the Dover sole (Microstomus pacificus) and

hornyhead turbot (Pleuronichthys verticalis)—species that

live in direct physical contact with the ocean floor—have

been documented with muscle burdens of total DDTs 3–4

times higher than those observed in white croaker (Genyone-
mus lineatus), a schooling species that swims above the sub-

strate (Gossett et al., 1983; McDermott-Ehrlich et al., 1978;

see also Zeng and Tran, 2002). High burdens of 4-NP have

likewise been detected in hornyhead turbot from these same

habitats (Maruya et al., 2012), and there is evidence that

these fish may be experiencing adverse endocrine effects

(Bay et al., 2012). Studies that examine not only the induc-

tion—but also the recovery or adaptation—of molecular and

physiological responses to chemical exposure will therefore

be essential to the use of gene expression patterns in benthic

marine fishes as reliable biological indicators for environ-

mental monitoring.

This research was supported by a California State University

(CSU) Council on Ocean Affairs, Science and Technology

(COAST) Graduate Student Research Award and Cal Poly College

Based Fees funding to K.M.J., with additional support from Califor-

nia SeaGrant R-CONT-220. The authors thank Jason Felton, Tom

Moylan, Kevin Amegin, Michelle Chow, Brinda Barcelon, Rachael

Donahue, Paul Camarena, Ghislene Adjaoute, and Brian Rice for

methodological assistance, and Drs. Jason Blank, Lars Tomanek,

and two anonymous reviewers for insightful comments on this

manuscript.

1524 JOHNSON AND LEMA

Environmental Toxicology DOI 10.1002/tox



REFERENCES

Ackermann GE, Schwaiger J, Negele RD, Fent K. 2002. Effects

of long-term nonylphenol exposure on gonadal development

and biomarkers of estrogenicity in juvenile rainbow trout

(Oncorhynchus mykiss). Aquat Toxicol 60:203–221.

Ahel M, Giger W, Koch M. 1994. Behavior of alkylphenol polye-

thoxylate surfactants in the aquatic environment: Occurrence and

transformation in sewage treatment. Water Res 28:1131–1142.

Arukwe A, Goksøyr A. 2003. Eggshell and egg yolk proteins in

fish: Hepatic proteins for the next generation: Oogenetic, popu-

lation, and evolutionary implications of endocrine disruption.

Comp Hepatol 2:1–4.

Arukwe A, Kullman SW, Hinton DE. 2001. Differential biomark-

er gene and protein expressions in nonylphenol and estradiol-

17b treated juvenile rainbow trout (Oncorhynchus mykiss).

Comp Biochem Physiol 129:1–10.

Arukwe A, Kullman SW, Berg K, Goksoyr A, Hinton DE. 2002.

Molecular cloning of rainbow trout (Oncorhynchus mykiss)

eggshell zona radiata protein complementary DNA: mRNA

expression in 17b-estradiol- and nonylphenol-treated fish.

Comp Biochem Physiol 132:315–326.

Bay SM, Vidal-Dorsch DE, Schlenk D, Kelley KM, Maruya KA,

Gully JR. 2012. Integrated coastal effects study: Synthesis of

findings. Environ Toxicol Chem 31:2711–2722.

Beato M. 1991. Transcriptional control by nuclear receptors.

FASEB J. 5:2044–2051.

Blackburn MA, Waldock MJ. 1995. Concentrations of alkylphe-

nols in rivers and estuaries in England and Wales. Water Res

29:623–1629.

Bonefeld-Jorgensen EC, Long M, Hofmeister MV, Vinggaard

AM. 2007. Endocrine-disrupting potential of bisphenol A,

bisphenol A dimethacrylate, 4-n-nonylphenol, and 4-n-octyl-

phenol in vitro: New data and a brief review. Environ Health

Perspect 115:69–76.

Bouma J, Nagler JJ. 2001. Estrogen receptor-alpha protein localiza-

tion in the testis of the rainbow trout (Oncorhynchus mykiss) during

different stages of the reproductive cycle. Biol Reprod 65:60–65.

Bowman CJ, Kroll KJ, Hemmer MJ, Folmar LC, Denslow ND.

2003. Estrogen-induced vitellogenin mRNA and protein in

sheepshead minnow (Cyprinodon variegatus). Gen Comp

Endocrinol 120:300–313.

Boyce-Derricott J, Nagler KK, Cloud JG. 2010. The ontogeny of

nuclear estrogen receptor isoform expression and the effect of

17b-estradiol in embryonic rainbow trout (Oncorhynchus
mykiss). Mol Cell Endocrinol 315:277–281.

Brander SM, Cole BJ, Cherr GN. 2012. An approach to detecting

estrogenic endocrine disruption via choriogenin expression in

an estuarine model fish species. Ecotoxicology 21:1272–1280.

Butwell AJ, Hetheridge M, James HA, Johnson AC, Young WF.

2002. Endocrine Disrupting Chemicals in Wastewater: A

Review of Occurrence and Removal. London, UK: Water

Industry Research Limited.

Calabrese EJ, Baldwin LA. 2001. Hormesis: U-shaped dose

responses and their centrality in toxicology. Trends Pharmacol

Sci 22:285–291.

Callard GV, Tchoudakova AV, Kishida M, Wood E. 2001. Differ-

ential tissue distribution, developmental programming, estrogen

regulation and promoter characteristics of cyp19 genes in tele-

ost fish. J Steroid Biochem Mol Biol 79:305–314.

Chakraborty T, Katsu Y, Zhou LY, Miyagawa S, Nagahama Y,

Iguchi T. 2011. Estrogen receptors in medaka (Oryzias latipes)

and estrogenic environmental contaminants: An in vitro-in vivo

correlation. J. Steroid Biochem. Mol Biol 123:115–121.

Chandrasekar G, Arner A, Kitambi SS, Dahlman-Wright K,

Lendahl MA. 2011. Developmental toxicity of the environmen-

tal pollutant 4-nonylphenol in zebrafish. Neurotoxicol Teratol

33:752–764.

Choi CY, Habibi HR. 2003. Molecular cloning of estrogen recep-

tor A and expression pattern of estrogen receptor subtypes in

male and female goldfish. Mol Cell Endocrinol 204:169–177.

Christiansen T, Korsgaard B, Jespersen A. 1998. Effects of nonyl-

phenol and 17b-oestradiol on vitellogenin synthesis, testicular

structure and cytology in male eelpout, Zoarces viviparous.

J Exp Biol 201:179–192.

Colborn T, Vom Saal FS, Soto AM. 1993. Developmental effects

of endocrine-disrupting chemicals in wildlife and humans.

Environ Health Perspect 101:378–384.

Coldham NG, Sivapathasundaram S, Dave M, Ashfield LA,

Pottinger TG, Goodall C, Sauer MJ. 1998. Biotransformation,

tissue distribution, and persistence of 4-nonylphenol residues in

juvenile rainbow trout (Oncorhynchus mykiss). Drug Metabol

Dispos 26:347–354.

Cravedi JP, Zalko D. 2005. Metabolic fate of nonylphenols and

related phenolic compounds in fish. Biochem Mol Biol Fish 6:

153–169.

Crisp TM, Clegg ED, Cooper RL, Wood WP, Anderson DG,

Baetcke KP, Hoffmann JL, Morrown MS, Rodier DJ, Schaeffer

JE, Touart LW, Zeeman MG, Patel YM. 1998. Environmental

endocrine disruption: An effects assessment and analysis. Envi-

ron. Health Perspect 106:11–56.

DeLorenzo ME. 2015. Impacts of climate change on the exotoxi-

cology of chemical contaminants in estuarine organisms. Curr

Zool 61:641–652.

Denslow ND, Bowman CJ, Ferguson RJ, Lee HS, Hemmer MJ,

Folmar LC. 2001. Induction of gene expression in sheepshead

minnows (Cyprinodon variegatus) treated with 17b-estradiol,

diethylstilbestrol, or ethinylestradiol: The use of mRNA finger-

prints as an indicator of gene regulation. Gen Comp Endocrinol

121:250–260.

Depiereux S, Liagre M, Danis L, De Meulder B, Depiereux E,

Segner H, Kestemont P. 2014. Intersex occurrence in rainbow

trout (Oncorhynchus mykiss) male fry chronically exposed to

ethynylestradiol. Plos One 9:e98531.

Diehl J, Johnson SE, Xia K, West A, Tomanek L. 2012. The dis-

tribution of 4-nonylphenol in marine organisms of North Amer-

ican Pacific Coast estuaries. Chemosphere 87:490–497.

Diotel N, Le Page Y, Mouriec K, Tong SK, Pellegrini E,

Vaillant C, Anglade I, Brion F, Pakdel F, Chung BC, Kah O.

2010. Aromatase in the brain of teleost fish: Expression, regula-

tion and putative functions. Front Neuroendocrinol 31:172–

192.

TIME COURSE OF GENE TRANSCRIPT BIOMARKERS TO 4-NP AND E2 IN ARROW GOBY 1525

Environmental Toxicology DOI 10.1002/tox



Dodder NG, Maruya KA, Ferguson PL, Grace R, Klosterhaus S,

La Guardia MJ, Lauenstein GG, Ramirez J. 2014. Occurrence

of contaminants of emerging concern in mussels (Mytilus spp.)

along the California coast and the influence of land use, storm

water discharge, and treated wastewater effluent. Mar Poll Bull

81:340–346.

El-Sayed Ali T, Abdel-Aziz SH, El-Sayed AFM, Zeid S. 2014.

Structural and functional effects of early exposure to 4-

nonylphenol on gonadal development of Nile tilapia (Oreo-
chromis niloticus): b-Histological alterations in testes. Fish

Physiol Biochem 40:1495–1507.

Eschmeyer WN, Herald ES, Hammann H. 1983. A Field Guide to

Pacific coast Fshes of North America. Peterson Field Guide

Series. Boston: Houghton Mifflin Co.

Filby AL, Tyler CR. 2005. Molecular characterization of estrogen

receptors 1, 2a, and 2b and their tissue and ontogenic expres-

sion profiles in fathead minnow (Pimephales promelas). Biol

Reprod 73:648–662.

Finn RN, Kristoffersen BA. 2007. Vertebrate vitellogenin gene

duplication in relation to the “3R hypothesis”: Correlation to

the pelagic egg and the oceanic radiation of teleosts. PloS One

2:e169.

Flouriot G, Farzad P, Yves V. 1996. Transcriptional and post-

transcriptional regulation of rainbow trout estrogen receptor

and vitellogenin gene expression. Mol Cell Endocrinol 124:

173–183.

Flouriot G, Pakdel F, Ducouret B, Ledrean Y, Valotaire Y. 1997.

Differential regulation of two genes implicated in fish reproduc-

tion: Vitellogenin and estrogen receptor genes. Mol Reprod

Dev 48:317–323.

Forlano PM, Deitcher DL, Myers DA, Bass AH. 2001. Anatomical

distribution and cellular basis for high levels of aromatase activ-

ity in the brain of teleost fish: Aromatase enzyme and mRNA

expression identify glia as source. J Neurosci 21:8943–8955.

Garc�ıa-Reyero N, Rald�ua D, Quir�os L, Llaveria G, Cerd�a J,

Barcel�o D, Pi~na B. 2004. Use of vitellogenin mRNA as a bio-

marker for endocrine disruption in feral and cultured fish. Anal

Bioanal Chem 378:670–675.

Garrison AW, Hill DW. 1972. Organic pollutants from mill persist

in downstream wastes. Am Dyestuff Reporter 61:21–25.

Genovese G, Da Cu~na R, Towle DW, Maggese MC, Lo Nostro F.

2011. Early expression of zona pellucida proteins under octyl-

phenol exposure in Ciclosoma dimerus (Perciformes, Cichli-

dae). Aquat Toxicol 101:175–185.

Genovese G, Regueira M, Piazza Y, Towle DW, Maggese MC,

Nostro FL. 2012. Time-course recovery of estrogen-responsive

genes of a cichlid fish exposed to waterborne octylphenol.

Aquat Toxicol 114:1–13.

Giesy JP, Pierens SL, Snyder EM, Miles-Richardson S, Kramer

VJ, Snyder SA, Nichols KM, Villeneuve DA. 2000. Effects of

4-nonylphenol on fecundity and biomarkers of estrogenicity in

fathead minnows (Pimephales promelas). Environ Toxicol

Chem 19:1368–1377.

Gossett RW, Puffer HW, Arthur RH, Jr., Young DR. 1983. DDT,

PCB, and benzo(a)pyrene levels in white croaker (Genyonemus
lineatus) from southern California. Mar Poll Bull 14:60–65.

Griffin LB, January KE, Ho KW, Cotter KA, Callard GV. 2013.

Morpholino-mediated knockdown of ERa, ERba, and ERbb

mRNAs in zebrafish (Danio rerio) embyros reveals differential

regulation of estrogen-inducible genes. Endocrinology 154:

4158–4169.

Hara A, Hiramatsu N, Fujita T. 2016. Vitellogenesis and chorio-

genesis in fishes. Fish Sci 82:187–202.

Hawkins MB, Thornton JW, Crews D, Skipper JK, Dotte A,

Thomas P. 2000. Identification of a third distinct estrogen

receptor and reclassification of estrogen receptors in teleosts.

Proc Natl Acad Sci U S A 97:10751–10756.

Hemmer MJ, Hemmer BL, Bowman CJ, Kroll KJ, Folmar LC,

Marcovich D, Hoglund MD, Denslow ND. 2001. Effects of q-

nonylphenol, methoxychlor, and endosulfan on vitellogenin

induction and expression in sheepshead minnow (Cyprinodon
variegatus). Environ Toxicol 20:336–343.

Hemmer MJ, Bowman CJ, Hemmer BL, Freidman SD,

Marcovich D, Kroll KJ, Denslow ND. 2002. Vitellogenin

mRNA regulation and plasma clearance in male

sheepshead minnows, (Cyprinodon variegatus) after cessation

of exposure to 17b-estradiol and q-nonylphenol. Aquat Toxciol

58:99–112.

Hern�andez I, Poblete A, Amthauer R, Pessot R, Krauskopf M.

1992. Effect of seasonal acclimatization on estrogen-induced

vitellogenesis and on the hepatic estrogen receptors in the male

carp. Biochem Intern 28:559–567.

Hoffman CJ. 1981. Associations between the arrow goby Cleve-
landia ios (Jordan and Gilbert) and the ghost shrimp Callia-
nassa californiensis Dana in natural and artificial burrows.

Pacif Sci 35:211–216.

Huang W, Zhang Y, Jia X, Li S, Liu Y, Zhu P, Lu D, Zhao H,

Luo W, Yi S, Liu X, Lin H. 2010a. Distinct expression of three

estrogen receptors in response to bisphenol A and nonylphenol

in male Nile tilapias (Oreochromis niloticus). Fish Physiol Bio-

chem 36:237–249.

Huang C, Zhang Z, Wu S, Zhao Y, Hu J. 2010b. In vitro and in

vivo estrogenic effects of 17a-estradiol in medaka (Oryzias lat-
ipes). Chemoshere 80:608–612.

Hutchinson TH, Ankley GT, Segner H, Tyler CR. 2006. Screening

and testing for endocrine disruption in fish—Biomarkers as

“signposts,” not “traffic lights,” in risk assessment. Environ

Health Perspect 114(Suppl. 1):106–114.

Hylland K, Haux C. 1997. Effects of environmental oestrogens on

marine fish species. Trends Anal Chem 16:606–612.

Islam MDS, Tanaka M. 2004. Impacts of pollution on coastal and

marine ecosystems including coastal and marine fisheries and

approach for management: A review and synthesis. Mar Poll

Bull 48:624–649.

Jobling S, Sumpter JP. 1993. Detergent components in sewage

effluent are weakly oestrogenic to fish: An in vitro study using

rainbow trout (Oncorhynchus mykiss) hepatocytes. Aquat Toxi-

col 27:361–372.

Jobling S, Sumpter JP, Sheahan D, Osborne JA, Matthiessen P.

1996. Inhibition of testicular growth in rainbow trout (Onco-
rhynchus mykiss) exposed to estrogenic alkylphenolic chemi-

cals. Environ Toxicol Chem 15:194–202.

1526 JOHNSON AND LEMA

Environmental Toxicology DOI 10.1002/tox



Jones PD, Tremblay LA, De Coen WM, Glesy JP. 2000. Vitello-

genin as a biomarker for environmental estrogens. Austr J Eco-

toxicol 6:45–58.

Kaptaner B, €Unal G. 2011. Effects of 17a-ethynylestradiol and

nonylphenol on liver and gonadal apoptosis and histopathology

in Chalcalburnus tarichi. Environ Toxicol 26:610–622.

Kennish MJ. 1997. A Practical Handbook of Estuarine and Marine

Pollution. Boca Raton, FL: CRC Press Inc.

Kennish MJ. 2002. Environmental threats and environmental

future of estuaries. Environ. Conserv 29:78–107.

Khetan SK. 2014. Endocrine Disruptors in the Environment.

Hoboken, NJ: John Wiley & Sons Inc.

Kishida M, Callard GV. 2001. Distinct cytochrome P450 aroma-

tase isoforms in Zebrafish (Danio rerio) brain and ovary are dif-

ferentially programmed and estrogen regulated during early

development. Endocrinology 142:740–750.

Knoebl I, Hemmer MJ, Denslow ND. 2004. Induction of zona

radiata and vitellogenin genes in estradiol and nonylphenol

exposed male sheepshead minnows (Cyprinodon variegatus).

Mar Environ Res 58:547–551.

Kochukov MY, Jeng YJ, Watson CS. 2009. Alkylphenol xenoes-

trogens with varying carbon chain lengths differentially and

potently activate signaling and functional responses in GH3B6/

F10 somatomammotropes. Environ Health Perspect 117:723–

730.

Kolarevic L, Nerland A, Nilsen F, Nigel-Finn R. 2008. Goldsinny

wrasse (Ctenolabrus rupestris) is an extreme vtgAa-type pela-

gophil teleost. Mol Reprod Dev 75:1011–1020.

Kwack SJ, Kwon O, Kim HS, Kim SS, Kim SH, Sohn KH,

Lee RD, Park CH, Jeung EB, An BS, Park KL. 2002. Compara-

tive evaluation of alkylphenolic compounds on estrogenic

activity in vitro and in vivo. J Toxicol Environ Health 65:419–

431.

Lam PKS. 2009. Use of biomarkers in environmental monitoring.

Ocean Coast Manag 52:348–354.

Lange A, Katsu Y, Miyagawa S, Ogino Y, Urushitani H,

Kobayashi T, Hirai T, Shears JA, Nagae M, Yamamoto J,

Ohnishi Y, Oka T, Tatarazako N, Ohta Y, Tyler CR, Iguchi T.

2012. Comparative responsiveness to natural and synthetic

estrogens of fish species commonly used in the laboratory and

field monitoring. Aquat Toxicol 109:250–258.

Lavado R, Loyo-Rosales JE, Floyd E, Kolodziej EP, Snyder SA,

Sedlak DL, Schlenk D. 2009. Site-specific profiles of estrogenic

activity in agricultural areas of California’s inland waters. Envi-

ron Sci Technol 43:9110–9116.

Laws SC, Carey SA, Ferrell JM, Bodman GJ, Cooper RL. 2000.

Estrogenic activity of octylphenol, nonylphenol, bisphenol A

and methoxychlor in rats. Toxicol Sci 54:154–167.

Leanos-Castaneda O, Van Der Kraak G. 2007. Functional charac-

terization of estrogen receptor subtypes, ERalpha and ERbeta,

mediating vitellogenin production in the liver of rainbow trout.

Toxicol Appl Pharmacol 224:116–125.

Lee C, Na JG, Lee K-C, Park K. 2002. Choriogenin mRNA induc-

tion in male medaka, Oryzias latipes as a biomarker of endo-

crine disruption. Aquat Toxicol 61:233–241.

Lewis SK, Lech JJ. 1996. Uptake, disposition, and persistence of

nonylphenol from water in rainbow trout (Oncorhynchus
mykiss). Xenobiotica 26:813–819.

Loomis AK, Thomas P. 2000. Effects of estrogens and xenoestro-

gens on androgen production by Atlantic croaker testes in vitro:

Evidence for a nongenomic action mediated by an estrogen

membrane receptor. Biol Reprod 62:995–1004.

Ma CH, Dong KW, Yu KL. 2000. cDNA cloning and expression

of a novel estrogen receptor b-subtype in goldfish (Carassius
auratus). Biochem Biophys Acta 1490:145–152.

Marlatt VL, Martyniuk CJ, Zhang D, Xiong H, Watt J, Xia X,

Moon T, Trudeau VL. 2008. Auto-regulation of estrogen recep-

tor subtypes and gene expression profiling of 17b-estradiol

action in the neuroendocrine axis of male goldfish. Mol Cell

Endocrinol 283:38–48.

Marlatt VL, Lakoff J, Crump K, Martyniuk CJ, Watt J, Jewell L,

Atkinson S, Blais JM, Sherry J, Moon TW, Trudeau VL. 2010.

Sex- and tissue-specific effects of waterborne estrogen on estro-

gen receptor subtypes and E2-mediated gene expression in the

reproductive axis of goldfish. Comp Biochem Physiol A 156:

92–101.

Maruya KA, Dodder NG, Tang CL, Lao W, Tsukada D. 2015.

Which coastal and marine environmental contaminants are truly

emerging?. Environ Sci Pollut Res 22:1644–1652.

Maruya KA, Vidal-Dorsch DE, Bay SM, Kwon JW, Xia K,

Armbrust KL. 2012. Organic contaminants of emerging con-

cern in sediments and flatfish collected near outfalls discharging

treated wastewater effluent to the Southern California Bight.

Environ Toxicol Chem 31:2683–2688.

Matthiessen P. 2003. Endocrine disruption in marine fish. Pure

Appl Chem 75:2249–2261.

McCain BB, Brown DW, Krahn MM, Myers MS, Clark RC, Jr.

Chan SL, Malins DC. 1988. Marine pollution problems, North

American west coast. Aquat Toxicol 11:143–162.

McDermott-Ehrlich D, Young DR, Heesen TC. 1978. DDT and

PCB in flatfish around southern California municipal outfalls.

Chemosphere 6:453–461.

McLachlan JA. 1993. Functional toxicology: A new approach to

detect biologically active xenobiotics. Environ Health Perspect

101:386–387.

Meng X, Bartholomew C, Craft JA. 2010. Differential expression

of vitellogenin and oestrogen receptor genes in the liver of

zebrafish, Danio rerio. Anal Bioanal Chem 396:625–630.

Menuet A, Le Page Y, Torres O, Kern L, Kah O, Pakdel F. 2004.

Analysis of the estrogen regulation of the zebrafish estrogen

receptor (ER) reveals distinct effects of ERalpha, ERbeta1 and

ERbeta2. J Mol Endocrinol 32:975–986.

Menuet A, Pellegrini E, Anglade I, Blaise O, Laudet V, Kah O,

Pakdel F. 2002. Molecular characterization of three estrogen

receptor forms in zebrafish: Binding characteristics, transactiva-

tion properties, and tissue distributions. Biol Reprod 66:1881–

1892.

Meucci V, Arukwe A. 2006. The environmental estrogen, 4-

nonylphenol modulates brain estrogen-receptor- and aromatase

(CYP19) isoforms gene expression patterns in Atlantic salmon

(Salmo salar). Mar Environ Res 62:S195–S199.

TIME COURSE OF GENE TRANSCRIPT BIOMARKERS TO 4-NP AND E2 IN ARROW GOBY 1527

Environmental Toxicology DOI 10.1002/tox



Miracle A, Ankley G, Lattier D. 2006. Expression of two vitello-

genin genes (vg1 and vg3) in fathead minnow (Pimephales
promelas) liver in response to exposure to steroidal estrogens

and androgens. Ecotox Environ Safe 63:337–342.

Murata K, Sasaki T, Yasumasu S, Iuchi I, Enami J, Yasumasu I,

Yamagami K. 1994. Cloning of cDNAs for the precursor pro-

tein of a low-molecular-weight subunit of the inner layer of the

egg envelope (chorion) of the fish Oryzias latipes. Dev Biol

167:9–17.

Murata K, Sugiyama H, Yasumasu S, Iuchi I, Yasumasu I,

Yamagami Y. 1997a. Cloning of cDNA and estrogen-induced

hepatic gene expression for choriogenin H, a precursor protein

of the fish egg envelope (chorion). Proc Natl Acad Sci 94:

2050–2055.

Murata K, Yamamoto K, Iuchi I, Yasumasu I, Yamagami K.

1997b. Intrahepatic expression of genes encoding choriogenins:

Precursor proteins of the egg envelope of fish, the medaka, Ory-
zias latipes. Fish Physiol. Biochem 17:135–142.

Nelson ER, Habibi HR. 2013. Estrogen receptor function and reg-

ulation in fish and other vertebrates. Gen Comp Endocrinol

192:15–24.

Oberd€orster E, Cheek AO. 2001. Gender benders at the beach:

Endocrine disruption in marine and estuarine organisms. Envi-

ron Toxciol Chem 20:23–36.

Osachoff HL, Shelley LK, Furtula V, van Aggelen GC, Kennedy

CJ. 2013. Induction and recovery of estrogenic effects after

short-term 17b-estradiol exposure in juvenile rainbow trout

(Oncorhynchus mykiss). Arch Environ Contam Toxicol 65:

276–285.

Porte C, Janer G, Lorusso LC, Ortiz-Zarragoitia M, Cajaraville

MP, Fossi MC, Canesi L. 2006. Endocrine disruptors in marine

organisms: Approaches and perspectives. Comp Biochem Phys-

iol C 143:303–315.

Preuss TG, Gehrhardt J, Schirmer K, Coors A, Rubach M, Russ

A, Jones PD. 2006. Nonylphenol isomers differ in estrogenic

activity. Environ Sci Technol 40:5147–5153.

Reading BJ, Sullivan CV. 2011. The Reproductive Organs and

Processes: Vitellogenesis in Fishes. Vancouver: Elsevier

Incorporated.

Reading BJ, Hiramatsu N, Sawaguchi S, Matsubara T, Hara A,

Lively MO, Sullivan CV. 2009. Conserved and variant molecu-

lar and functional features of multiple egg yolk precursor pro-

teins (vitellogenins) in white perch (Morone americana) and

other teleosts. Mar Biotechnol 11:169–187.

Rhee JS, Kang HS, Raisuddin S, Hwang DS, Han J, Kim RO, Seo

JS, Lee YM, Park GS, Lee SJ, Lee JS. 2009. Endocrine disrup-

tors modulate expression of hepatic choriogenin genes in the

hermaphroditic fish, Kryptolebias marmoratus. Comp Biochem

Physiol 150:170–178.

Routledge EJ, Sumpter JP. 1996. Estrogenic activity of surfactants

and some of their degradation products assessed using a recom-

binant yeast screen. Environ Toxicol Chem 15:241–248.

Salomons W, de Rooji NM, Kerdijk H, Bril J. 1987. Sediments as

a source for contaminants. Hydrobiology 149:13–30.

Sawaguchi S, Ohkubo N, Amano H, Hiramatsu N, Hara A,

Sullivan CV, Matsubara T. 2008. Controlled accumulation of

multiple vitellogenins into oocytes during vitellogenesis in the

barfin flounder, Verasper moseri. Cybium Int J Ichthyol 32:262.

Servos MR. 1999. Review of the aquatic toxicology, estrogenic

responses and bioaccumulation of alkylphenols and alkylphenol

polyethoxylates. Water Qual Res J Can 34:123–177.

Sharma VK, Anquandah GAK, Yngard RA, Kim H, Fekete J,

Bouzek K, Ray AK, Golovko D. 2009. Nonylphenol, octylphe-

nol, and bisphenol-A in the aquatic environment: A review on

occurrence, fate, and treatment. J. Environ Sci Health A 44:

423–442.

Socorro S, Power DM, Olsson PE, Canario AVM. 2000. Two

estrogen receptors expressed in the teleost fish, Sparus aurata:

cDNA cloning, characterization and tissue distribution.

J Endocrinol 166:293–306.

Soto AM, Justicia H, Wray JW, Sonnenschein C. 1991. q-Nonyl-

phenol: An estrogenic xenobiotic released from “modified”

polystyrene. Environ Health Perspect 92:167–173.

Stegeman JJ, Brouwer M, Di Giulio RT, Forlin L, Fowler BA,

Sanders BM, Van Veld PA. 2012. Molecular responses to envi-

ronmental contamination: Enzyme and protein systems as indi-

cators of chemical exposure and effect. In: Huggett RJ, Kimerle

RA, Mehrle Jr. PM, Bergman HL, editors. Biomarkers: Bio-

chemical, Physiological, and Histological Markers of Anthro-

pogenic Stress. Boca Raton, FL: Lewis Publisher. pp 253–310.

Sugiyama H, Murata K, Iuchi I, Nomura K, Yamagami K. 1999.

Formation of mature egg envelope subunit proteins from their

precursors (choriogenins) in the fish, Oryzias latipes: Loss of

partial C-terminal sequences of the choriogenins. J Biochem

125:469–475.

Sun J, Wang MH, Ho YS. 2012. A historical review and biblio-

metric analysis of research on estuary pollution. Mar Poll Bull

64:13–21.

Tabata A, Kashiwada S, Ohnishi Y, Ishikawa H, Miyamoto N,

Itoh M, Magara Y. 2001. Estrogenic influences of estradiol-

17beta, q-nonylphenol and bis-phenol-A on Japanese medaka

(Oryzias latipes) at detected environmental concentrations.

Water Sci Technol 43:109–116.

Tabira Y, Nakai M, Asai D, Yakabe Y, Tahara Y, Shinmyozu T,

Noguchi M, Takatsuki M, Shimohigashi Y. 1999. Structural

requirements of para-alkylphenols to bind to estrogen receptor.

Eur J Biochem 262:240–245.

Tanaka JN, Grizzle JM. 2002. Effects of nonylphenol on the

gonadal differentiation of the hermaphroditic fish, Rivulus mar-
moratus. Aquat Toxicol 57:117–125.

Tchoudakova A, Callard GV. 1998. Identification of multiple

CYP19 genes encoding different cytochrome P450 aromatase

isozymes in brain and ovary. Endocrinology 139:2179–2189.

Tchoudakova A, Pathak S, Callard GV. 1999. Molecular cloning

of an estrogen receptor b subtype from the goldfish, Carassius
auratus. Gen Comp Endocrinol 113:388–400.

Teves AC, Granneman JM, Van Dijk W, Bogerd J. 2003. Cloning

and expression of a functional estrogen receptor-a from African

catfish (Clarias gariepinus) pituitary. J Mol Endocrinol 30:

173–185.

Thomas P, Dong J. 2006. Binding and activation of the seven-

transmembrane estrogen receptor GPR30 by environmental

1528 JOHNSON AND LEMA

Environmental Toxicology DOI 10.1002/tox



estrogens: A potential novel mechanism of endocrine disrup-

tion. J Steroid Biochem Mol Biol 102:175–179.

Tohyama S, Miyagawa S, Lange A, Ogino Y, Mizutani T,

Tatarazako N, Katsu Y, Ihara M, Tanaka H, Ishibashi H,

Kobayashi T. 2015. Understanding the molecular basis for dif-

ferences in responses of fish estrogen receptor subtypes to envi-

ronmental estrogens. Environ. Sci Technol 49:7439–7447.

Traversi I, Gioacchini G, Scorolli A, Mita DG, Carnevali O,

Mandich A. 2014. Alkylphenolic contaminants in the diet: Spa-

rus aurata juveniles hepatic response. Gen Comp Endocrinol

205:185–196.

Tyler CR, Jobling S, Sumpter JP. 1998. Endocrine disruption in

wildlife: A critical review of the evidence. Crit Rev Toxicol 28:

319–361.

Vandenberg LN, Colborn T, Hayes TB, Heindel JJ, Jacobs DR,

Lee DH, Shioda T, Soto AM, Vom Saal FS, Welshons WV,

Zoeller RT, Myers JP. 2012. Hormones and endocrine-

disrupting chemicals: Low-dose effects and nonmonotonic dose

responses. Endocr Rev 33:378–455.

Vetillard A, Bailhache T. 2006. Effects of 4-n-nonylphenol and

tamoxifen on salmon gonadotropin-releasing hormone, estrogen

receptor, and vitellogenin gene expression in juvenile rainbow

trout. Toxciol Sci 92:537–544.

Wang H, Tan JTT, Emelyanov A, Korzh V, Gong Z. 2005. Hepat-

ic and extrahepatic expression of vitellogenin genes in the

zebrafish, Danio rerio. Gene 356:91–100.

Weis JS. 2014. Physiological, Developmental and Behavioral

Effects of Marine Pollution. New York: Springer Press.

White R, Jobling S, Hoare SA, Sumpter JP, Parker MG. 1994.

Environmentally persistent alkylphenolic compounds are estro-

genic. Endocrinology 135:175–182.

Williams VN, Reading BJ, Hiramatsu N, Amano H, Glassbrook

N, Hara A, Sullivan CV. 2014. Multiple vitellogenins and prod-

uct yolk proteins in striped bass, Morone saxatilis: Molecular

characterization and processing during oocyte growth and mat-

uration. Fish Physiol Biochem 40:395–415.

Wu CF, Patino R, Davis KB, Chang XT. 2001. Localization of

estrogen receptor a and b RNA in germinal and nongerminal

epithelia of the channel catfish testis. Gen Comp Endocrinol

124:12–20.

Wu RSS, Siu WHL, Shin PKS. 2005. Induction, adaptation and

recovery of biological responses: Implication for environmental

monitoring. Mar Poll Bull 51:623–634.

Xing L, Esau C, Trudeau V. 2016. Direct regulation of aromatase

B expression by 17b-estradiol and dopamine D1 receptor ago-

nist in adult radial glial cells. Front Neurosci 9:504.

Xu J, Wu L, Chen W, Jiang P, Chang ACS. 2009. Pharmaceuticals

and personal care products (PPCPs), and endocrine disrupting

compounds (EDCs) in runoff from a potato field irrigated with

treated wastewater in southern California. J Health Sci 55:306–

310.

Yadetie F, Arukwe A, Goksoyr A, Male R. 1999. Induction of

hepatic estrogen receptor in juvenile Atlantic salmon in vivo by

the environmental estrogen, 4-nonylphenol. Sci Total Environ

233:201–210.

Yamaguchi A, Kato K, Arizono K, Tominaga N. 2015. Induction

of the estrogen-responsive genes encoding choriogenin H and L

in the liver of male medaka (Oryzias latipes) upon exposure to

estrogen receptor subtype-selective ligands. J Appl Toxciol 35:

752–758.

Yilmaz O, Prat F, Iba~nez AJ, Amano H, Koksoy S, Sullivan CV.

2015. Estrogen-induced yolk precursors in European sea bass,

Dicentrarchus labrax: Status and perspectives on multiplicity

and functioning of vitellogenins. Gen Comp Endocrinol 221:

16–22.

Ying GG, Williams B, Kookana R. 2002. Environmental fate of

alkylphenols and alkylphenol ethoxylates—A review. Environ

Int 28:215–226.

Zeng EY, Tran K. 2002. Distribution of chlorinated hydrocarbons

in overlying water, sediment, polychaete, and hornyhead turbot

(Pleuronichthys verticalis) in the coastal ocean, southern Cali-

fornia, USA. Environ Toxicol Chem 21:1600–1608.

Zhang Y, Zhang W, Zhang L, Zhu T, Tian J, Li X, Lin H. 2004.

Two distinct cytochrome P450 aromatases in the orange-

spotted grouper (Epinephelus coioides): cDNA cloning and dif-

ferential mRNA expression. J. Steroid Biochem Mol Biol 92:

39–50.

TIME COURSE OF GENE TRANSCRIPT BIOMARKERS TO 4-NP AND E2 IN ARROW GOBY 1529

Environmental Toxicology DOI 10.1002/tox


